During the past 15 years, there has been a dramatic increase in the amount of reactive nitrogen (N) 
INTRODUCTION
The dramatic increase in emissions of reactive nitrogen during the past 15 years (Golder 2003) has led to concerns that chronic elevated nitrogen (N) deposition may result in long-term negative effects on natural ecosystems (Aber et al. 1989; Galloway 1998) . Nitrogen saturation (N excess) in forest ecosystems is hypothesized to evolve through a series of stages, progressing from a low N availability system (Stage 0) to one incapable of processing and retaining the increased N input (Stage 3), ultimately resulting in nitrate (NO 3 -) leaching into groundwater and nitrous oxide (N 2 O) emissions back to the atmosphere (Aber et al. 1989; Vitousek et al. 1997; Aber et al. 1998) . Additionally, foliar N content and soil N mineralization are expected to increase in concert with increases in biomass production during early stages of N saturation; later stages of N saturation may lead to shifts in species composition and potential nutrient imbalances eventually causing a decline in tree growth (Chapin 1980; Siccama et al. 1982; Nihlgård 1985; Lovett et al. 2000) .
The Athabasca Oil Sands Region (AOSR) in northeastern Alberta is the largest commercially-operated crude oil deposit in North America and is responsible for making the Province of Alberta the top emitter of nitrogen oxides (NO x ) in Canada (Environment Canada 2004) . Moreover, current NO x emissions are expected to increase from 136 tonnes per day in 2003 to between 321-598 tonnes per day depending upon on future development (Golder 2003; NSMWG 2008) . A variety of activities within the AOSR including open-pit mining, in situ recovery, extraction and upgrading operations contribute to the release of NO x . Approximately half of the current NO x emissions are from the burning of diesel fuel used in mine fleets (NSMWG 2008) . Nitrogen is largely (90-95%) emitted in the form of nitric oxide (NO), which is quickly transformed to nitrogen dioxide (NO 2 ), with potential for conversion to a number of other NO x and nitric acid (HNO 3 ) while in the atmosphere. The NO x emissions are then deposited to the landscape in the form of dry deposition and wet deposition at a gradient diminishing with distance from the source (Callesen & Gundersen 2003; NSMWG 2008) . The potential consequences of increased N deposition to terrestrial (and aquatic) ecosystems in the AOSR are of increasing concern (acidification/eutrophication), but determining the N status of an ecosystem can be difficult. Several studies have shown that stable 15 N isotope ratios are a potentially valuable measure for regional assessments of N saturation (Nadelhoffer & Fry 1994; Emmett 1998; Robinson 2001; Pardo et al. 2006) . As N cycling increases, fractionation in favour of the lighter isotope occurs, leaving behind a soil pool enriched in the heavier isotope ( 15 N) (Nadelhoffer & Fry 1994) . In addition, lichen species are known for their sensitivity to airborne pollutants [especially NO x , sulphur dioxide (SO 2 ) and O 3 ] and have high retention efficiencies (i.e., N uptake per gram of biomass) thereby making them efficient biomonitoring tools for atmospheric pollution (Berryman et al. 2004; Emmett 2007 ).
The Terrestrial Environmental Effects Monitoring (TEEM) program, operated by the Wood Buffalo Environmental Association (WBEA), established a long-term study based on a network of monitoring sites across a (perceived) deposition gradient within the AOSR during the late 1990s. The TEEM study has continued to monitor the series of acid-sensitive plots dominated by jack pine (Pinus banksiana Lamb.) but, due to the sheer cost and technical difficulty of measuring deposition at such remote sites as well as determining region-specific deposition velocities, we currently do not have an accurate account of deposition levels throughout the region. Furthermore, the impact of current levels of N exposure on N dynamics at the TEEM plots has not been assessed. Therefore, the principal objective of this paper was to assess the ecological response to N exposure at the TEEM plots by examining the relationships between air concentrations of various N species and perceived indicators of N saturation such as foliar and lichen N concentration, forest floor C:N, isotopic signatures (δ 15 N) and potential net soil mineralization/nitrification rates. In addition, N deposition to the TEEM plots was estimated using measured air concentrations and deposition velocities from a range of published values.
METHODS

Study sites
In 1998, the TEEM group established a network of long-term monitoring sites (n = 8) located within the AOSR. In 2001, an additional five sites were added to the network, including a site (ID: 213) located in northwestern Saskatchewan close to the Alberta-Saskatchewan border (Fig. 1) . All monitoring sites were carefully chosen to be "ecologically analogous" (AMEC 2001) by meeting a suite of criteria including extensive landscape, vegetation, soil and other geographical characteristics, such as distance from roads and other development factors. The network design allowed for these sites to predominantly differentiate between high (those near industrial emission sources) and low (those distant from emission sources) acid-deposition areas within the AOSR [C.E. Jones (& Associates Ltd) 2007] . It should be noted however, that since the establishment of this monitoring network, the once obvious high-low demarcation between sites has become less defined as production increases and development in the region expands. The current study is limited to eight TEEM monitoring sites that have consistent data sets (specifically air concentration measurements) and supplementary data collected by Trent University. Statistical analyses were carried out in STATISTICA7. Parametric and nonparametric statistical tests were applied based on the distributions of the data.
Air concentration monitoring and total deposition
Air concentrations of NO 2 , NH 3 , HNO 3 , and SO 2 were measured at 8 of 13 TEEM plots (L1, L7, H2, H4, 205, 210, 212, 213;  Fig. 1 ) using passive samplers. The samplers are located 3−5 metres above the forest canopy and exposed on a monthly basis from April to October and bi-monthly during the winter period. The NO 2 and SO 2 sampling started in 1999 while HNO 3 and NH 3 started during 2005. Ammonia (NH 3 ) was measured using an Ogawa™ sampler (Ogawa & Co., USA, Inc.) and extracted with deionised water and analysed colourimetrically (Roadman et al. 2003) ; HNO 3 was measured using a nylon filter exposed inside a commercially available polycarbonate Petri dish (Bytnerowicz et al. 2005) and NO 2 as well as SO 2 were sampled using a patented sampler designed and analysed by MAXXAM Analytics (Edmonton, AB). For further details on NH 3 and HNO 3 monitoring see Bytnerowicz et al. (2010, this issue The long-term (3-year) annual average dry deposition rate (kg ha -1 ) at each site was estimated using measured air concentrations (µg m -3 ) and literaturebased estimates of dry deposition velocities, as regionspecific deposition velocities are not available (particularly for NO 2 and NH 3 ). To account for the wide range in reported deposition velocities (Hanson & Lindberg 1990; Peters & Bruckner-Schatt 1995) a 'low' and 'high' deposition rate were estimated based on the range of published velocity values (Rihm 1994; Zhang et al. 2004; Zhang et al. 2009 ). In addition to dry deposition, wet deposition values were obtained from a regional-scale (35 km × 35 km) deposition map from Environment Canada (NAtChem database) (Vet & Shaw 2006; Zhang et al. 2004 ) and used to estimate long-term average total (wet + dry) N (TN) deposition at each TEEM plot.
Analysis of Evernia mesomorpha and Hypogymnia physodes
Lichen samples of Hypogymnia physodes and Evernia mesomorpha were collected 1.5 to 2 m above the ground on the outermost branches of Pinus banksiana within each TEEM plot. Both of these species are easily recognizable and abundant at all sites. Samples were placed in clean Kapak bags as described by Berryman et al. (2004) . In the laboratory, each sample was cleaned of dirt, bark pieces and any remnants of undesired species using forceps. The samples were then oven-dried at 70 ºC and ground using a vegetation mill at Pacific Soil Analysis Inc. in Richmond, B.C. Analysis of total N and sulphur (S) content (%) was conducted by Alberta Research Council, Edmonton via dry combustion of 150−250 mg of the oven-dried sample using a LECO TruSpec ® CN Determinator at 950 ºC.
15 N natural abundance analysis
Soil samples from the litter-fibric-humic layer (LFH) and mineral A-horizon soils were collected and the samples were air dried and passed through a 2 mm sieve. In 2004, foliage samples were collected for three separate year classes (current year's growth, as well as 1-year old (2003) and 2-year old needles (2002)). The needles were oven-dried at 70 °C and ground in a vegetation mill. Fine root samples (<5 mm) were collected in July 2008 from the base of five trees at each of the eight TEEM sites. All samples were cleaned of debris and further pulverised to a fine powder using a ball-mill mixer (wig-L-bug ® , Pike Technologies). Natural abundance isotopic analysis (δ 15 N) as well as % C and % N analysis was conducted on all soil, foliage and root samples using a Micromass Isoprime Continuous Flow Isotope Ratio Mass Spectrometer (CF-IRMS) coupled with a Eurovector EA3000 Elemental Analyzer. Known standards (NIST1547, LG(F), DG (A1), USGS40) were analysed together with the samples for machine calibration and data correction. There was no significant difference (p = 0.74) in foliar N and δ 15 N between different age-class needles and therefore the average across all three year classes was used in further analysis.
Soil processes
Potential net ammonification, nitrification and mineralization were measured using soil samples incubated in polyethylene bags modified from Eno (1960) . This method estimates net mineralization and nitrification as changes in soil NH 4 + and NO 3 -during an incubation period. At the start of the incubation period a set of nonincubated (initial) soil samples were collected from each site at two depths (0-10 cm and 10-20 cm) in July 2008. Each sample was placed in a sterile whirl-pak bag (Forestry Suppliers Inc.) and kept cool during transport to the lab. The initial soil NH 4 + and NO 3 -was determined immediately, where 5 grams of sieved soil was extracted with 50 mL of 1M KCl for 2 hours. The supernatant was then carefully drawn into a syringe and filtered using a stainless steel syringe filter holder and a 0.7 μm glass fibre filter (Cole Parmer). Filtered extracts were analyzed for NH 4 + -N (630 nm) and NO 3 --N (550 nm) using a high-resolution continuous auto analyzer (Bran + Luebbe Auto Analyser 3). In addition, a soil sub-sample was dried for 48 hours at 60 °C to determine the soil water content and subsequent mass of soil used for the extractions. The remaining soil samples were then incubated at 10 °C for 55 days and the above extraction methods were repeated.
Net ammonification, nitrification and mineralization rates were calculated by subtracting the initial mineral N content (NH 4 + -N and NO 3 --N) in μg g -1 of dry soil from the incubated mineral N content. These values were then normalized by % C content of soil and expressed as a net annual rate (mg N kg C -1 y -1 ).
Statistical analysis
In addition to the statistical analyses mentioned above, Pearson correlation coefficients were used to determine the presence of relationships between the investigated variables (Data Analysis, Microsoft Excel). All data were found to be normally distributed with the exception of the soil processes (net nitrification, ammonification and mineralization), in which an outlier (site L1) skewed the data. This prompted the use of nonparametric statistical correlation (Spearman Rank Order) tests for these three variables in relation to the rest of the data set. Correlations were found to be significant at the 95% and 99% confidence levels (p <0.05, p <0.01).
RESULTS
Air concentrations and deposition estimates
Air concentrations of NO 2 , NH 3 and HNO 3 were generally very low (Tab. 1). The widest range in measured annual average air concentrations during the study period (2006) (2007) (2008) was observed for NO 2 (0.48 to 7.73 μg m -3 ). Ammonia air concentrations (three year annual average) were between 0.71 and 1.10 μg m -3 and HNO 3 air concentrations ranged from 0.36 to 0.72 μg m -3 . Estimates of annual average wet N deposition were low, between 0.74 and 1.15 kg ha -1 y -1 (Tab. 2). Estimated TN deposition at the study sites varied depending on the method used to estimate dry deposition. Under our 'low' deposition estimate, TN ranged between 2.45 and 3.8 kg N ha -1 y -1 , where under the 'high' deposition estimate TN ranged between 7.6 and 13.4 kg N ha -1 y -1 . The highest estimate of TN deposition was for site H4, just north-west of where much of the current open-pit mining is located. The lowest TN deposition estimate was for site 205, which is the most north-easterly site (Fig. 1) . Air concentration of NO 2 was not significantly correlated with other N species (NH 3 and HNO 3 ) but was very strongly correlated with SO 2 . The strong positive correlation between SO 2 and NO 2 , as well as the strong negative correlation between altitude and NO 2 , reflect the change in air chemistry with distance from emission sources (Tab. 3).
Air concentrations and perceived response indicators
Nitrogen concentrations in foliage ranged between 0.80 and 1.04% and were between 0.49 and 0.90% in Evernia mesomorpha and Hypogymnia physodes Tab. 1. Data summary (minimum, maximum and mean) for investigated air concentrations of major air pollutants and ecosystem response indicator parameters of N saturation measured at P. banksiana monitoring sites in the Athabasca Oil Sands Region, Alberta Canada (n = 8). (Tab.1). Potential net mineralization rates ranged between 122 and 6235 mg N kg C -1 y -1 (Tab. 1), with the highest mineralization rate at site L1 located southwest of the majority of oil sands activity and secondhighest rate at site H4 (1104 mg N kg C -1 y -1
). Elemental N concentration in Pinus banksiana foliage was significantly correlated (r = 0.74, p <0.05) with NO 2 (Tab. 4). Similarly, significant correlations with NO 2 were observed for the lichen species Evernia mesomorpha (r = 0.81, p <0.05) and Hypogymnia physodes (r = 0.89, p <0.01) (Fig. 2) . The stable isotope signature of the foliage had a weak negative correlation with NO 2 (r = -0.57), while no correlations existed between air concentrations of NO 2 , NH 3 and HNO 3 with forest floor C:N ratio and net soil mineralization rate (Tab. 4).
Ecosystem-level cycling
In order to evaluate the N-cycling processes at the site-level, correlations between soil (LFH, A-horizon), fine root and foliar N and δ 15 N, and net mineralization/nitrification rates were compared (Tab. 5). Potential net N mineralization was dominated by net ammonification and net nitrification rates were extremely low (Tab. 1). The N concentration in the LFH was negatively correlated with net mineralization and ammonification (r = -0.76, p <0.05), whereas δ 
DISCUSSION
Air concentrations and deposition
Air concentrations of NO 2 showed a clear gradient of decreasing concentration across the region that is associated with anthropogenic sources. The measured NO 2 air concentrations were strongly correlated with SO 2 which is a well-known anthropogenic pollutant. However, in general, the air concentrations are relatively low, despite the high levels of NO x and SO 2 emissions.
There are few, if any, annual NO 2 concentrations reported for background regions. Comparatively, it is not surprising that the observations in the AOSR are at the lower end of the observed concentrations reported for various Canadian cities (~10 to 50 μg m -3 ) (Burnett et al. 1998; Gilbert et al. 2005; Atari et al. 2008) and at the lower end of concentrations observed across many areas of Europe (~16 to 46 µg m -3 ) (Kirby et al. 1998 ; Grodzińska-Jurczak & Szarek-Lukaszewska 1999; Lebret et al. 2000) . The range of NH 3 air concentrations observed in the region are also lower than the annual averages observed throughout many areas of Canada, including Southern Ontario (6 μg m (2006) (2007) (2008) at each TEEM site for both the 'low' and 'high' deposition estimates using differing dry deposition velocities and modelling wet deposition estimates from NAtChem. The TN deposition estimates were calculated using the measured air concentrations for dry deposition species in addition to wet deposition estimates from the NAtChem database. The wet deposition estimates do not vary substantially between sites (Tab. 2) and are considered to be much lower than dry deposition (NSMWG 2008) . The estimated 'low' TN deposition range is generally lower than the estimates for other parts of Canada and the United States, in regions typically affected by acid deposition [Watmough et al. 2005 (4- 17 kg N ha -1 y -1 ); Pardo et al. 2006 (1.5-10 kg N ha -1 y -1 N.A.)], although, the 'high' TN deposition range is comparable to these regions. These values of TN deposition are still substantially lower than N deposition observed in many parts of Europe (Dise & Wright 1995; Pardo et al. 2006) , but are substantial for boreal ecosystems that typically receive low (background) N inputs.
Tab. 2. Estimated annual average nitrogen deposition
The difference between the low and high deposition estimates is driven primarily by differences in deposition velocities for NO 2 and NH 3 . The high dry deposition estimate is dominated primarily by NH 3 (70%), compared with the low deposition scenario (27%). Currently, NH 3 is not of major importance in the region although, there is evidence of NH 3 emissions from oil sands industry stacks and the catalytic converters in the exhaust systems of mine fleet vehicles. Current observations suggest the NH 3 is associated with anthropogenic sources, and the weak correlation between NO 2 and NH 3 (r = 0.54) increases to 0.83 with the elimination of site 213, which is located in Saskatchewan and potentially impacted by local Provincial sources (fertilizer production).
Ecosystem response to N
At the ecosystem scale, there is a series of effects usually observed with increased N deposition (Aber et al. 1989; Vitousek 1997; Galloway 1998) . The boreal forest in Canada is a nutrient-limited ecosystem, dominated by slow-growing species with efficient N cycling and storage (Tamm 1991; Callesen & Gundersen 2003) . N-efficient ecosystems typically allocate N to roots and long-lived foliage as oppose to stem-wood and bark (Smith et al. 1999) . As a result, coniferous species have a lower biological demand and thus, are better adapted to a low supply of nutrients (Pardo et al. 2007 ). In fact, most coniferous forests need less than 10 kg N ha -1 y -1
for new biomass production (Encke 1986 ). We found a strong positive correlation between the annual average NO 2 concentration and foliar N, consistent with previous reports of increasing foliar N with increasing N exposure (Pardo et al. 2006) . A weak negative correlation was observed between NO 2 concentration and foliar δ 15 N, which has been previously suggested to strongly correlate with N deposition (McNulty et al. 1991 , Pardo et al. 2006 (Fig. 2b) . Lichens living on trees obtain most of their nutrients from the air as dry deposition and from solutes in precipitation and fog (Fenn et al. 2007 ). This makes them potentially very sensitive to air pollution and thus potential early indicators of N impacts to the forest. In fact, the majority of lichen-rich communities occur in nutrient-poor ecosystems where, potentially, increased N deposition may cause their extinction (Sutton et al. 2004) . In the present study N concentrations in Evernia mesomorpha and Hypogymnia physodes showed strong relationships with NO 2 air concentrations (Fig. 2c, d ) and SO 2 (not shown).
In contrast to the foliar and lichen N concentrations, forest floor (LFH) C:N ratio, and potential net soil mineralization/nitrification rates were not correlated with N air concentrations. This may be a factor of time, where the increased N concentrations of the living foliage has not yet influenced the forest floor and soil pools through N inputs via litter-fall flux. While not apparently affected by N exposure, potential net mineralization was positively correlated with δ 15 N in foliage but is negatively correlated with N concentration in the forest floor (LFH), which is contrary to what would be expected (McNulty et al. 1996; Pardo et al. 2006) . However, net potential nitrification was positively correlated with δ 15 N in the A-horizon, consistent with the hypothesis that increased nitrification leads to increased nitrate leaching, resulting in the enrichment of 15 N in the soil pool (Nadelhoffer & Fry 1994; Pardo et al. 2006) . Overall, however, there is limited evidence of alteration of N cycling at the study sites in response to N exposure at this time.
Despite the observed response to N exposure (across a gradient) in foliage and lichens, the foliage and lichen N concentrations (0.49-1.04%) are still within range of those observed in areas with minimal air pollution impact (Munson & Timmer 1995; Tjoelker et al. 1999) . The N concentrations in the lichen Hypogymnia physodes also fall within the range of values from other studies (0.42-2.56%) (Kulbin 1990; Bruteig 1992; Dahlman & Persson 2003) . Additionally, the mineralization rates at the TEEM sites, with the exception of site L1, are low with almost no evidence of nitrification. According to Emmett (1998) , the relative change in 15 N in foliage under elevated N deposition is greater than that of soils, because the soil has a much longer timeline for change due to the relatively large inactive soil N store. The weak negative correlation between NO 2 concentration and foliar δ 15 N could indicate increased N leaching at the high exposure sites (Pardo et al. 2006) . However, given the lack of response of the other ecosystem parameters, it is likely that the increased N content may be caused by direct uptake of N by the foliage from the atmosphere, particularly as the mean isotopic signature of Pinus banksiana foliage in the region is approximately -2.8‰ which is similar to the isotopic signature of the NO x emissions from the oil sands industry (B. Mayers, pers. comm.).
Regardless of lichen or foliar concentration, according to the theory of Aber et al. (1989) the response we are seeing is indicative of very early stages (Stage 1) of N saturation. Boreal ecosystems are naturally N-limited and many of the species are adapted to the low-nutrient availability through various mycorrhizal associations and efficient internal N-cycling, and any substantial input via deposition has the potential to change these ecosystems (Bobbink et al. 1995; Fenn et al. 2003; Emmett 2007) . Moreover, according to Warazoniak et al. (1997) it is these ecosystems, growing on sandy soils with low precipitation during the growing season, that are particularly vulnerable to the adverse impacts caused by industrial air pollution.
Critical levels and loads for N
Impacts of N on natural ecosystems are defined in terms of critical levels and loads. Critical levels or loads are typically defined as the minimum input of one or more pollutants to receptors, such as plants or ecosystems, that causes a "significant harmful effect" (Nilsson & Grennfelt 1988) . In order to establish reliable critical loads for N it is essential to understand the effects of N upon these ecosystems. Deposition gradients, according to Pardo et al. (2007) , may be substituted as a space-fortime estimate, with potential for providing information about advanced stages of impact caused by increased N inputs compared with sites receiving lower inputs.
Under the UNECE's Convention on Long-Range Transboundary Air Pollution (CLRTAP), empirically derived ecosystem-specific critical levels and loads for N have been developed (UNECE 2004) . Currently an average annual critical exposure level (air concentration) for NO 2 is 30 μg m -3 . Further, it was recently recommended that the existing annual critical exposure level for NH 3 (8 μg m -3 ) be reduced to 1 μg m -3 for lichen and bryophytes and 3 μg m -3 for higher plants based on evidence from the field (Cape et al. 2009 ). Three of the study sites (212, 213, H4) exceed this recommended annual exposure level for lichen and bryophytes for NH 3 based on a three year annual average, and a total of six out of the eight study sites (210, 212, 213, H2, H4, L1) exceed this level based on measured annual averages.
For terrestrial ecosystems, the critical load for N is set between 10 and 20 kg N ha -1 y -1
, based on changes in mineralization, nitrification with potential nitrate leaching, changes in species composition, increased forest susceptibility to pathogens and decreased epiphytic lichens (UNECE 2004, Tab. 5.1). However, a study by Nordin et al. (2005) in northern Sweden found important vegetation changes at 6 kg N ha -1 y -1 and recommended that the critical load be lowered to this level. Accordingly, deposition to all eight study sites would exceed this level under the high deposition estimate. However, given the current uncertainties regarding appropriate dry deposition velocities for the region, and based on literature estimates for similar ecosystems, in addition to recent observations in Canada, there is currently more confidence in the low deposition estimate.
Numerous studies have found that N critical loads for acidification may be substantially different from N critical loads for eutrophication effects, and the effects or responses themselves are difficult to classify as one or the other (Bobbink et al. 1992; Emmett 2007) . Currently, a branch of Cumulative Environmental Management Association (CEMA) titled the NO x -SO 2 Management Working Group (NSMWG), which focuses on industry-related emissions as they pertain to acidification and eutrophication, are reviewing management frameworks designed to determine appropriate critical loads for N within the AOSR region, with jack pine stands having been identified as particularly sensitive.
Although the biogeochemical responses to N exposure are apparent in this study, the dynamic nature and potentially delayed response of soils and therefore ecosystem N cycling, suggests species composition may be a more reliable, and possibly more sensitive indicator of negative effects caused by increased N exposure (Bowman et al. 2006) . It is therefore recommended that vegetation changes, such as epiphytic lichen decline and species shifts from nitrophilic to nitrophilous species be explored.
CONCLUSIONS
The effects of increased N deposition are complex and the potential for N saturation and subsequent acidification and eutrophication are issues of concern in the AOSR. The results of this study clearly show that P. banksiana plots are responding to increased N exposure through increased foliar and lichen N content. While uncertainty remains around TN deposition, there is the potential that current air concentration and TN deposition may have long-term negative effects according to some of the latest recommended critical levels and loads.
